The intrinsic bioremediation of BTEX must be documented by the stoichiometric consumption and production of several other compounds, called 'footprints' of the biodegradation reaction. Although footprints of BTEX biodegradation are easy to identify from reaction stoichiometry, they can be confounded by the stepwise nature of the biodegradation reactions and by several abiotic chemical reactions that also produce or consume the footprints. In order to track the footprints for BTEX biodegradation, the following reactions need to be considered explicitly: (1) fermentation and methanogenesis as separate processes, (2) precipitation and dissolution of calcite, (3) precipitation and dissolution of amorphous iron monosulfide (FeS), (4) conversion of FeS into the thermodynamically stable pyrite (FeS 2 ) with loss of sulfide and abiotic formation of H 2 , and (5) reductive dissolution of solid iron(III) by oxidation of sulfide. We critically review the research that underlies why these mechanisms must be included and how to describe them quantitatively. A companion manuscript develops and applies a mathematical model that includes these reactions.
Introduction

Footprints of BTEX biodegradation
Setting up a monitoring program and interpreting its results are the keys for assessing in-situ bioremediation (NRC 1993 (NRC , 2000 . The biological conversion of a pollutant must be documented by the stoichiometric consumption and production of several other compounds, called 'footprints' of the biodegradation reaction (NRC 2000) . This knowledge, properly quantified in a mathematical model, creates a 'body of evidence' documenting the efficiency of bioremediation. When natural attenuation is being evaluated, footprints take on pre-eminent importance, because the 'technology' of natural attenuation is demonstrating the cause-andeffect relationship between the decrease in pollutant concentration and the biodegradation reaction (NRC 2000; Rittmann 2004 ).
To be able to track footprints correctly, the chemical fate, as well as the biological fate, of the footprints has to be known. For example, precipitation and dissolution of solids, like iron sulfide or calcium carbonate, can confound interpretation of them as footprints of biodegradation. Furthermore, the biological model must provide an accurate representation of the types of microbially catalysed reactions. The NRC (2000) did not provide explicit guidance for how to handle these potentially confounding factors. Currently available computer codes (e.g., BIOPLUME III, Radai et al. 1998; RT3D, Clement 1997 ; UTCHEM, Pope et al. 1999; TBC, Schäfer et al. 1998a, b) concentrate mainly on groundwater transport and have relatively simplified models of the biological reactions and no chemical processes.
We present a critical review of the important biological and chemical processes for the in-situ biodegradation of BTEX. We chose BTEX because they are very frequent groundwater pollutants and candidates for natural attenuation (NRC 2000) . Not included in this review are all microbial mediated (re-)oxidation of reduced components like methane or iron(II). The focus of this review is on the formation and dissolution of iron sulfides, iron oxides, and calcium carbonate, as well as on distinguishing between fermentation and methanogenesis. A companion paper (Maurer & Rittmann 2004) incorporates these mechanisms into a biogeochemical model for BTEX bioremediation.
Microbial processes
Numerous laboratory and field studies have shown that microorganisms in the subsurface can degrade BTEX under aerobic and anaerobic conditions. Microorganisms can utilize the alternate electron acceptors oxygen, nitrate, iron(III), manganese(IV), and sulfate for the degradation of BTEX compounds. Furthermore, fermentation coupled to methanogenesis is possible. Good reviews on the use of the different electron acceptors by microorganisms under laboratory and field conditions are given in Morgan et al. (1993) , Wiedermeier et al. (1995) , Hollinger & Zehnder (1996) , Salanitro et al. (1997), and NRC (2000) . Here, we focus on the reactions involving fermentation and methanogenesis, because the two-step process is a novel feature of bioremediation modelling and needs to be added. We also provide necessary background on the other acceptors and their footprints. In order to keep the example reactions illustrative, we neglect the formation of biomass in this manuscript. Microbial growth has a significant influence on the footprints, and the kinetics for and stoichiometric coefficients for biomass are presented in the companion manuscript (Maurer and Rittmann, this volume) .
BTEX biodegradation with different electron acceptors
Oxygen Bielefeldt & Stensel (1999a, b) determined in mixed cultures experiments the kinetics of aerobic BTEX degradation. Generally, they found similar degradation rates for benzene, toluene, and ethylbenzene, whereas o-xylene was degraded more slowly. These findings agree with many other similar investigations and confirm the relatively easy and rapid degradation of BTEX under aerobic conditions, as long as dissolved oxygen is present. Because aerobic biodegradation begins with oxygenation reactions, which have O 2 as a direct reactant (Rittmann et al. 1994; NRC 2000) , aerobic biodegradation is limited due to the fact that the dissolved oxygen concentration is typically less than 10 mg/L (Malmstead et al. 1995) .
The footprints of aerobic biodegradation of BTEX are illustrated with the following stoichiometry for toluene (C 7 H 8 ):
The footprints are (per mole of toluene) consumption of 9 moles of O 2 , generation of 7 moles of inorganic carbon (H 2 CO 3 ), and no change of alkalinity. Alkalinity consumption would be shown by production of acidic hydrogen, or H + . Reinhard et al. (1997) investigated the in-situ biotransformation of BTEX in a gasoline-contaminated aquifer. Under nitrate-reducing conditions, toluene, ethylbenzene, and m-xylene were transformed without a lag phase in less than 10 days, and o-xylene was transformed in 72 days. Benzene was not removed. These findings are typical for many of the published investigations, where benzene seems not to be utilized when nitrate is the electron acceptor. However, Major et al. (1988) and Gersberg et al. (1991) reported in their laboratory experiments biodegradation of benzene. Apparently, some denitrifying microorganisms can oxidize benzene, although it is not clear what circumstances allow it.
Nitrate
The footprints for nitrate reduction are illustrated for toluene:
The footprints (per mole of toluene) are consumption of 7.2 moles of nitrate, generation of 7 moles of inorganic carbon, and generation of 7.2 equivalents of alkalinity (loss of H + ).
from contaminated aquifer material a Fe(III)-reducing strain that had been adapted for rapid oxidation of toluene coupled to Fe(III) reduction. Meckenstock et al. (1999) proved that the iron-reducing strain Geobacter metallireducens oxidized toluene. The footprints for toluene oxidation coupled to Fe(OH) 3(s) reduction are illustrated by:
The footprints (per mole of toluene) are production of 36 moles of Fe 2+ , production of 72 equivalents of alkalinity, and generation of 7 moles of inorganic carbon.
Sulfate
In slug tests in a gasoline-contaminated aquifer, Reinhard et al. (1997) found that, under sulfate-reducing conditions, toluene, m-xylene, and o-xylene were completely transformed in less than 50 days, while ethylbenzene was removed in 60 days. Lovley et al. (1995) showed in their incubation of sediments that benzene was oxidized under sulfate-reducing conditions. The presence of nitrate inhibited or at least out-competed sulfate reduction (Hutchins et al. 1998 ).
The oxidation of toluene coupled to sulfate reduction shows these typical footprints:
The footprints of sulfate reduction (per mole of toluene) are loss of 4.5 moles of sulfate, production of 4.5 moles of hydrogen sulfide, production of 9 equivalents of alkalinity, and generation of 7 moles of inorganic carbon.
Significance of distinguishing fermentation from methanogenesis
The evidence is strong that all BTEX compounds can be metabolized under methanogenic conditions, and the conversion of BTEX to methane is a twostep process. In the first step, BTEX is fermented to aliphatic organic acids -ultimately acetic acidhydrogen, and CO 2 . In the second step, methanogens convert the acetic acid and hydrogen to methane. The fermenters and methanogens are genetically and physiologically distinct microorganisms, and both must be present in order that the electron equivalents in BTEX are fully stabilized to methane. The fermentation process depends very strongly on the hydrogen concentration in the environment. Low concentration favours the production of acetate and hydrogen, while higher H 2 concentration yields in less hydrogen and more long-chain fatty acids like propionate. The underlying thermodynamic-determined relationships are discussed in great detail in the literature of anaerobic microbiology (e.g., Dolfing 1988) . Field investigations confirm that, after the depletion of electron acceptors, aliphatic organic acids accumulate due to fermentation of complex organic molecules (Cozzarelli et al. 1994; Chaudhuri & Wiesmann 1996; Landmeyer et al. 1996) . Revesz et al. (1995) concluded from the stable isotopic ratios of C and H in the groundwater of a crude-oil spill that the methane found came mostly from acetate. Hydrogen, the other important product of fermentation, was detected at contaminated sites by Lovley et al. (1994) , Vroblesky & Chapelle (1994) , Chapelle et al. (1995 Chapelle et al. ( , 1996 , Postma & Jakobsen (1996) , Jakobsen et al. (1998) . Acton & Barker (1992) reported from their in situ biodegradation columns that, in all cases, aromatic hydrocarbon attenuation was attributed to biodegradation by the combined activity of methanogens and fermenting bacteria. Similar findings are reported by Edwards & Grbic-Galic (1994) . In their strictly anaerobic experiments, toluene and o-xylene were completely mineralized by aquifer-derived microorganisms. The adaptation periods before the onset of degradation were long (100 to 120 days for toluene degradation and 200 to 255 days for o-xylene). In the anaerobic column experiments of Hunkeler et al. (1998) , significant amounts of toluene, p-xylene, and naphthalene were converted to methane. Despite the findings of Patel et al. (1991) that BTEX significantly inhibited methane production, Mormile & Suflita (1996) concluded from their results that the concentrations typically found in groundwater systems do not inhibit methanogenesis. Grbic-Galic & Vogel (1987; Vogel & Grbic-Galic 1986; Grbic-Galic 1991) thoroughly investigated the microbial degradation of benzene and toluene under methanogenic conditions. Important fermentation intermediates before acetate were phenol, cresol, benzoic acid, and aliphatic acids, mainly propionate. Chaudhuri & Wiesmann (1996) reported kinetic constants for the degradation of toluene with an enriched mixed methanogenic culture in chemostat experiments. They determined the following stoichiometric and kinetic constants for the mixed culture: growth yield: 0.18 mol C mol Each step has its own footprints. The following stoichiometry for the fermentation of toluene shows a representative set of footprints for the first step.
The footprints of the fermentation step are (per mole of toluene) production of 2 moles of acetic acid (CH 3 COOH), 10 moles of H 2 , and 3 mole of inorganic carbon. Methanogenesis of the acetic acid yields 2 CH 3 COOH + 2 H 2 O → 2 CH 4 + 2H 2 CO 3 which has footprints (per mole of original toluene) of production of 2 moles each of methane (CH 4 ) and inorganic carbon. Methanogenesis of the hydrogen produced from fermentation of toluene yields 10 H 2 + 2.5 H 2 CO 3 → 2.5 CH 4 + 7.5 H 2 O which has footprints (per mole of original toluene) of production of 2.5 moles of CH 4 and consumption of 2.5 moles of inorganic carbon. Inorganic carbon is consumed as the electron acceptor for methanogenesis by hydrogen oxidation, but it is a product of methanogenesis from acetate and fermentation. Likewise, H 2 is produced from fermentation, but consumed by methanogenesis coupled to H 2 oxidation. Therefore, in order to be able to track the footprints of BTEX biodegradation under methanogenic conditions, footprints of fermentation and the conversions of hydrogen and acetate into methane need to be considered separately and explicitly.
The accumulation of methanogens and, hence, the generation of methane can lag well behind the accumulation of fermenters and the generation of acetate and H 2 . The main reason is that the growth of methanogens cannot occur until fermentation has produced significant acetate and hydrogen for a sustained period. Therefore, it is possible to have major biodegradation of BTEX without seeing the methane footprint.
Chemical processes
Many of the footprints of BTEX degradation can be confounded by chemical reactions. Sulfide, for example, precipitates with iron(II). Thus, precipitation of FeS removes the footprints of microbial sulfate and iron(III) reduction. Other abiotic reactions that confound microbial footprints involve precipitation or dissolution of solids, including CaCO 3 and Fe(OH) 3 . The degree to which the precipitation and dissolution reactions occur depends on the ion-solubility product of the dissolved ions and the kinetics of the precipitation or dissolution reaction. The chemical composition of the solids, the different possible reactions, and the underlying kinetics are non-trivial aspects that must be resolved if the abiotic factors are to be incorporated properly into a biogeochemical model of BTEX bioremediation.
In this section, we address the following abiotic reactions that can confound biotic footprints:
• Dissolution and precipitation of calcium carbonate, which affect the inorganic carbon concentration, the alkalinity, and the pH of the groundwater.
• Precipitation and dissolution of iron sulfides, which are sinks for iron(II) and sulfide, two important footprints. In one case, H 2 , another biological footprint, is produced abiotically.
• Reductive dissolution of solid iron(III) coupled to the oxidation of sulfide, which eliminates sulfide from the solution, but adds iron(II).
We neglect the influence of nucleation on the net rate of precipitation, because the subsurface environment provides plenty of nucleation sites, including already present precipitates (e.g., calcite) and bacteria. In addition, we do not discuss any fast equilibrium processes that might play a role in BTEX degradation. These are assembled in the companion paper (Maurer and Rittmann, this volume).
Calcium carbonate (CaCO 3 )
The dissolution of calcite (CaCO 3(s) ) represents a major part of the chemical erosion of continents. In many environmental and technological systems, the formation or dissolution of calcite has a significant influence on the pH and the alkalinity, the latter being an important measurable footprint. In natural aqueous environments, calcite is the main calcium carbonate formed chemically. The solubility product of calcite is 10 −8.48 at 25 C (Stumm & Morgan 1996) , with a heat of formation of −3.07 kJ mol −1 (based on a careful review of Plummer & Busenberg 1982) .
Evaluation of the kinetics
Most publications concerning the calcium carbonate system determine the dissolution or precipitation rate at high over-or under-saturation (e.g., Parsiegla & Katz 1999; Dawe & Zhang 1997; Spanos & Koutsoukos 1998; Busenberg & Plummer 1986; Nilsson & Sternbeck 1999; Eisenlohr et al. 1999; Nancollas & Reddy 1971) . For these cases, the mechanistic PWPmodel, presented by Plummer, Wigley and Parkhurst (1978) , describes the dissolution and precipitation rates well. The PWP model also was verified on aragonite (a different crystalline form of CaCO 3 ) by Chou et al. (1989) , who suggest a slightly modified and more practical rate equation.
Only a few publications report on precipitation rates systematically determined close to equilibrium and near neutral pH (see also Plummer et al. 2000) . However, groundwater bodies from or in a carbonaterich matrix are usually close to chemical equilibrium and are not far from neutral pH (Neal et al. 2002; Bariteau & Thiry 2001; Plummer et al. 2000) . For this condition, most of the determined kinetics in the literature are not necessarily applicable. Busenberg & Plummer (1986) report about the popular PWP-model that, close to equilibrium, the experimental data do not match the PWP model, but they do match a special case of a Freundlich isotherm (Ohara & Reid 1973) :
where ρ is the net reaction rate (mole m −2 d −1 ), k diss the rate constant (mole m −2 d −1 ), S CO 3 are the activities of Ca 2+ , and CO 2− 3 respectively (M), K eq the solubility constant of calcite (M 2 ), n a constant (−), is called the saturation state, and (1 − ) is the thermodynamic difference from equilibrium (Rittmann et al. 2002) . Busenberg & Plummer (1986) estimated from their experiments that the parameter n is 0.90 for calcite and 1.16 for aragonite. These values indicate that, close to equilibrium, precipitation and dissolution of calcite do not deviate much from the theoretically derivable form having n = 1 (i.e., assuming that the forward and backward reaction rates are equal at equilibrium). Similar conclusions were found by Wollast (1990) and Katsifaras and Spanos (1999) . The empirical model with n = 1 also is consistent with the observation that, at neutral pH (pH > 6) and for low deviations from equilibrium, precipitation and dissolution of calcite are dominated by surface reaction kinetics and are not inhibited by diffusion effects (Gutjahr et al. 1996; Plummer et al. 1978) . (1) and (2)) for calcite dissolution (at 20 • C) according to the results of Svensson & Dreybrodt (1992) . n 1 is the exponent far from the equilibrium ( < x, whereas n 2 is valid for conditions close to the equilibrium ( > x)
Parameter
Limestone Marble ρ (mmol cm −2 s −1 ) 1.8× 10 −7 ± 0.06 1.8 × 10 −7 ± 0.21 n 1 (−) 1 . 9 ± 0.26 1.9 ± 0.29 n 2 (−) 3 . 3 ± 0.72 3.2 ± 0.54 x (−) 0 . 7 8 ± 0.07 0.70 ± 0.05
Svensson and Dreybrodt (1992) also showed in their dissolution experiments that this 'first-order approach' on the difference from equilibrium applies for conditions close to the equilibrium with pure calcite. However, small amounts of impurities in the calcite decreased the dissolution rate and changed the apparent reaction order, especially close to equilibrium. For tested limestone and marble specimens, they found an average rate constant k diss of 1.8 × 10 −7 mmol cm −2 s −1 . The exponent n switched from 1.9 for conditions far away from the equilibrium to 3.3 as the saturation state got closer to 1 (see Table 1 ). Morse & Berner (1979) and Palmer (1991) also reported this change of the observed reaction order. This change of the reaction rate behaviour is not covered by the PWP model either. In order to expand the application of the PWP model Svensson & Dreybrodt (1992) suggested a correction factor for the PWP rate expression. This factor is proportional to the amount of surface sites still active for dissolution and depends on the type and concentration of surface-complexing agents.
More mechanistic approaches are surface-speciation models that have rate expressions derived from the several chemical reactions assumed to occur at the calcite interface. The literature contains several studies on the interfacial chemistry of carbonate minerals, and a good review is given in Morse & Mackenzie (1990) . Pokrovsk & Schott (2001 suggest a model for dolomite (CaMg(CO 3 ) 2 ) and generalized the approach for divalent metal carbonate. The latest specific kinetic model for the formation and dissolution of calcium carbonate is described in Nilsson & Sternbeck (1999) . Based on experimental results and the work of VanCappellen et al. (1993) and Sternbeck (1997) , they proposed a set of rate-determining reactions with the corresponding parameters.
In conclusion, surface-speciation models hold promise for explaining observed behaviours of calcite for all saturation states and different interfering molecules, but more research is needed to confirm the surface speciation and the corresponding rates. For dissolution and precipitation far away from equilibrium ( < 0.6 or > 1.5), the PWP rate equation gives good results. Around the thermodynamic equilibrium of calcite (1.5 > > 0.6), growth rate is extremely sensitive to the saturation state. Currently, the empirical rate equation (Equation (1)) is the only easy applicable model that quantifies the calcite dissolution and formation rate sufficiently.
Inhibition
Complexing agents of calcium or carbonate have an influence on the calcite formation and dissolution rate, and the strength of the influence is correlated with the strength of the complex (Morse & Mackenzie 1990) . The influence of ortho-phosphate on the dissolution or precipitation rate of calcite was investigated in several publications (e.g., Morse & Berner 1979; Katsifaras & Spanos 1999; Svensson & Dreybrodt 1992; Millero et al. 2001) . Generally, the effect of phosphate is attributed to the blocking of active growth sites and the inhibition of the dissolution of vaterite (an intermediate of calcite precipitation/dissolution). Magnesium does not act as a real inhibitor, but changes the form of precipitate. Mg 2+ is included into the crystal lattice, and the new product has, compared with pure calcite, different solubility and precipitation kinetics (Morse & Mackenzie 1990) . A recent revaluation of the thermodynamic properties of dolomite (calcium magnesium carbonate) can be found in Sherman & Barak (2000) .
Analogously, the inclusion of calcium sulfate in calcite seems to change the crystal lattice strongly. The presence of CaSO 4 from 0.002 to 0.01 M increased the overall calcium carbonate solubility product more than an order of magnitude (Chong & Sheikholeslami 2001) . Kennedy et al. (1999) found solid-phase sulfide minerals near the core of the plume of a gasolinecontaminated aquifer. They concluded that an accurate estimation of hydrocarbon bioremediation demanded that solid Fe and S minerals be evaluated along with the aqueous-phase concentration of sulfide. We first summarize the aqueous sulfide system and then critically review the formation and dissolution of several iron-sulfide solids.
Iron sulfides
The aqueous sulfide species
The aqueous sulfide system has three main species that are related through two acid-base reactions:
HS − + H − pK a1 = 6.98 ± 0.02 at 25 • C
HS − S 2− + H + pK a2 = 17.3 ± 0.3 at 25 • C (4) The acidity constant for the first deprotonation reaction (pK a1 ) is well established at the value shown above (Davison 1991) . The literature reports a range of values for the second deprotonation, because the formation of polysulfides at high pH makes it difficult to determine the acidity of a specific species. The pK a2 value given above, reported by Davison (1991) , is based on a careful review of all available literature. According to Boulegue & Michard (1979) , the presence of polysulfides can be neglected in freshwater systems, even though it clouds the determination of pK a2 .
Iron monosulfide (FeS) versus pyrite (FeS 2 )
Iron(II) and sulfide can form many different minerals, each with its unique stoichiometry and solubility. Table 2 shows the most important iron sulfides occurring in aqueous environments. Davison (1991) reviewed the ion-activity products from various data sets to find indications about the governing minerals. When the ion-activity products for iron sulfides were measured in freshwaters in which solid-phase iron(II) sulfide definitely was present, the values were within the range of 2.6-3.2 (at 25 • C), indicating that amorphous FeS was the controlling phase. The values found with seawater (2.7-4.2 at 25 • C) imply that mackinawite or greigite may be the controlling phase.
These findings show that we must focus on amorphous iron monosulfide (FeS) and its formation. Rickard (1995) reported that the formation of FeS is very fast with no nucleation effects and the product being exclusively amorphous. The 'half-live' for sulfide is below 0.05 s (time where 50% of the sulfide reacted at a Fe 2+ concentration between 10 −3 and 10 −4 M). With respect to biological processes or other relevant precipitation reactions, which have a 'half-life' of reactants in the range of minutes or days, FeS forma- Table 2 . Solubility product for various iron-sulfide solids according to the reviews of Davison (1991) and Davison et al. (1999) . All values are − log(K sp ) given for 25 • C and the reactions below the tion in freshwater can be treated as a fast equilibrium reaction, and no kinetics have to be considered. Pyrite, FeS 2 , is thermodynamically and kinetically by far the most stable occurring iron sulfide in marine and freshwater environments. It reacts only with oxidizing acids and some other oxidants like iron(III) and halogens (Huertadiaz & Morse 1990; Luther 1990 Luther , 1991 . Jakobsen & Postma (1999) found that the sulfide solid ultimately produced in a sulfate-reducing aquifer was framboidal pyrite. Reports of other disulfide formations are rare. Pyrrhotite (Fe 7 S 8 ) seems not to be formed in aqueous environments, although thermodynamic reasoning shows a large stability region. Marcasite (Fe 1.06 S) has significance below pH 5, but will change to the thermodynamically more stable pyrite through a solid-state transformation. Nothing is known about the mechanisms and the kinetics of this reaction .
FeS 2 does not nucleate from iron monosulfide in saturated solutions; however, pyrite can grow from FeS in a saturated solution . This finding, coupled with the fact that natural freshwater easily shows an ion-activity product that is significantly super-saturated for FeS 2 (Davison 1991) and FeS precipitation has extremely rapid kinetics (Rickard 1995), makes it very likely that pyrite is mainly formed through iron-monosulfide as an intermediate.
Pyrite formation pathways and kinetics
Pyrite possibly can be formed from FeS through three pathways. In each pathway, the S in FeS is oxidized by one electron, and the ultimate sink of the electron distinguishes the pathways.
1. FeS, H 2 S, and H 2 pathway
This reaction, observed by Taylor et al. (1979) and Drobner et al. (1990) , has a free energy change of −34.14 kJ mol −1 and an equilibrium constant of 10 6.1 (defined by the ratio of the partial pressure of hydrogen gas divided by the H 2 S activity, and at 298 K). Two publications (Rickard 1997; Rickard & Luther 1997 ) indicated the following kinetics based on measurements and theoretical considerations:
where ρ is the formation rate of pyrite
S] aq is the aqueous H 2 S concentration [M] , and k is the second-order rate constant, estimated to be 1.03 × 10 −4 M −1 s −1 at 25 • C with an apparent (Arrhenius) activation energy of 35 kJ mol −1 . The FeS/H 2 S/H 2 pathway is by far the most rapid of the pyrite-forming reactions. In strictly anaerobic environments, it probably is the most important pyrite-forming pathway. Very noteworthy is the abiotic generation of H 2 as part of the FeS/H 2 S/H 2 pathway, because H 2 is the sink for the two electrons removed from S in FeS and H 2 S. Hydrogen generation through this process is an electron-donor substrate for all respiring microorganisms. For instance, H 2 produced abiotically from this pathway could fuel methane production and give false evidence of methanogenesis related to BTEX bioremediation. Furthermore, abiotically produced hydrogen potentially could confound using hydrogen as a indicator of the governing electron acceptor in natural attenuation of a groundwater (Jakobsen & Postma 1999 
The conversion of solid iron sulfide to pyrite in the presence of elemental sulfur (S 0 ) was described in several investigations and reviewed by Rickard et al. (1995) and Furukawa & Barnes (1995) . Here, elemental sulfur accepts the electron removed from S in FeS. Little is known about the mechanism and kinetics, and Furukawa & Barnes (1995) conclude that the conversion of iron monosulfide in parallel with the loss of iron(II) (described in the next section) is much more likely than the reduction and incorporation of elemental sulfur (Wang & Morse 1996) .
Polysulfide pathways
Theoretical considerations of molecular orbitals suggest that the following reactions, which involve polysulfide (S 2− x , where x indicate multiple S atoms), could be a mechanism for pyrite formation (Luther 1991; Rickard 1975; Schoonen & Barnes 1991) :
Similar to the reaction with elemental sulfur, the electron released from the S in FeS goes to reduce polysulfide S from an oxidation state of 0 to −1. Luther (1991) also noted the possibility of polysulfides directly attacking FeS forming on the surface of FeOOH. Under typical groundwater conditions, polysulfides are not important (Boulegue & Michard 1979) , and, therefore, these two reactions probably do not have any significance. Although FeS 2 could be formed from FeS by three pathways, the evidence supports that only the FeS/H 2 S/H 2 pathway is significant for groundwater conditions.
Pyrite (FeS 2 ) oxidation
Pyrite oxidation has been studied extensively in the laboratory with a focus on inorganic reaction kinetics (Moses et al. 1987; Nicholson et al. 1988 Nicholson et al. , 1990 Moses & Herman 1991; Williamson & Rimstidt 1992 and bacterial catalysis (Nordstrom & Southam 1997; Bond et al. 2000; Edwards et al. 2000) . The oxidation of pyrite can be described by the following reactions: 
Reaction (16) shows that the oxidation of pyrite consumes oxygen and generated sulfate, which can confound footprints for BTEX biodegradation aerobically or by sulfate-reduction. Xu et al. (2000) present a kinetic model for pyrite oxidation and give a good overview of the rates published in literature. If oxygen is available, then reaction (14) usually is biologically catalyzed, so that reaction (13) determines the overall pyrite oxidation rate. Typical oxidation rates range from 9.6 × 10 −9 to 1.9×10 −8 mol m −2 s −1 (moles of pyrite oxidation per square meter reactive surface area per second).
Reductive dissolution of iron(III) with oxidation of sulfide
Dissolved sulfide can be oxidized in the presence of solid iron(III) minerals such as goethite (α-FeOOH) or hematite (α-Fe 2 O 3 ) (Rickard 1974; Pyzik & Sommer 1981; Canfield 1989; Canfield et al. 1992) . The reaction rate depends strongly on the pH, with a maximum between 6.5 and 7.0, depending on the mineral. The products of this reaction are iron(II) and elemental sulfur (S 0 8 ), sulfate (SO Table 3 . In all cases, Fe(II) is released to solution by an abiotic process, not microbially catalyzed BTEX oxidation coupled to (Yao & Millero 1996b; Peiffer et al. 1992; Pyzik & Sommer 1981; Rickard 1974) , whereas Dos Santos Afonso & Stumm (1992) , who used hematite, reported sulfate as the major product. The net reactions are given in reactions (17) to (20) (in Table 3 ), depending on the product formed. Dos Santos Afonso & Stumm (1992) estimated the equilibrium constants of the surface complexes involved in the reductive dissolution of iron oxides (Table 4) . If these complexation reactions are fast enough to go to equilibrium, the rate of sulfide oxidation is proportional to the concentration of the surface species {≡FeS − } and {≡FeSH} (in [mol m −2 ]):
(25) From experimental results, the rate constants were estimated with k e1 = 30 h −1 and k e2 = 400 h −1 (Dos Santos Afonso & Stumm 1992) , where the concentrations of the surface species are expressed in mol m −2 . The surface-speciation model was successfully applied by Peiffer et al. (1992) and Yao & Millero (1996a, b) to explain the pH dependency of the observed reaction rate. Influences on the sulfide oxidation rate Yao & Millero (1995) give an excellent overview of the influences of various ions and organic ligands on the rate of sulfide oxidation. Generally, strong adsorption to the mineral surface slows the reaction rate.
• • Organic ligands: The investigated organic ligands were humic acid (10 mg/l), fulvic acid (10 mg/l), EDTA (500 µM), TRIS (25 mM), and oxalate (500 µM). All of them had a relatively strong negative influence (50% reduction) on the sulfidereduction rate.
Conclusions
The footprints of BTEX biodegradation can be confounded by the stepwise nature of the biodegradation reactions and by several abiotic chemical reactions that also produce or consume the footprints. In this work, we present the scientific foundation for understanding why the following five features need to be included in a model used to evaluate natural attenuation of BTEX and how to represent them properly:
(1) Fermentation and methanogenesis must be treated as separate processes, because the two steps produce or consume key footprints (H 2 , inorganic carbon, and acetic acid) in distinct and often opposite ways. (2) Precipitation and dissolution of calcite consume or produce two key footprints (inorganic carbon and alkalinity) and affect the pH. (3) Precipitation of amorphous iron monosulfide (FeS) occurs rapidly and consumes two key footprints, Fe(II) and H 2 S. (4) Conversion of FeS into the thermodynamically stable pyrite (FeS 2 ) brings about loss of H 2 S, but is an abiotic source of H 2 . (5) Reductive dissolution of solid iron(III) by oxidation of sulfide consumes oxygen while producing sulfate. Our companion manuscript (Maurer and Rittmann, this volume) develops and applies a mathematical model that includes these reactions with the traditional biodegradation reactions for BTEX.
